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Life cycle assessment (LCA) 
Environmental impacts 
A B S T R A C T   
There is currently a shift from petrochemical to bio-based plastics (bioplastics). The application of compre-
hensive and appropriately designed LCA studies are imperative to provide clear evidence on the comparative 
sustainability of bioplastics. This review explores the growing collective of LCA studies that compare the envi-
ronmental footprints of specific bioplastics against those of petrochemical plastics. 44 relevant studies published 
between 2011 and 2020 were reviewed to explore important methodological choices regarding impact category 
selection, inventory completeness (e.g. inclusion of additives), boundary definition (e.g. inclusion of land-use 
change impacts), representation of biogenic carbon, choice of end-of-life scenarios, type of LCA, and the 
application of uncertainty analysis. Good practice examples facilitated identification of common gaps and 
weaknesses in LCA studies applied to benchmark bioplastics against petrochemical plastics. Many studies did not 
provide a holistic picture of the environmental impacts of bioplastic products, thereby potentially supporting 
misleading conclusions. For comprehensive evaluation of bioplastic sustainability, we recommend that LCA 
practitioners: embrace more detailed and transparent reporting of LCI data within plastic LCA studies; adopt a 
comprehensive impact assessment methodology pertaining to all priority environmental challenges; incorporate 
multiple plastic use cycles within functional unit definition and system boundaries where plastics can be recy-
cled; include additives in life cycle inventories unless there is clear evidence that they contribute <1% to all 
impact categories; apply biogenic carbon storage credits only to long-term carbon sinks; account for (indirect) 
land-use change arising from feedstock cultivation; prospectively consider realistic scenarios of deployment and 
end-of-life, preferably within a consequential LCA framework.   
1. Introduction 
The environmental damage arising from the persistence of non- 
degradable plastic waste, typically produced by petrochemistry, has 
created an increasingly negative shift in public perception of petro-
chemical plastics (Rochman et al., 2016). To deal with the changing 
desires and concerns of the public, and to reduce environmental prob-
lems, European policy aims to reduce the quantities of single-use 
petrochemical plastic being used and produced (European Commis-
sion, 2018a, 2018b, 2008, 1994). Bio-based polymers (bioplastics) are 
being developed as a replacement material and a potential solution by 
retaining the beneficial material characteristics of petrochemical plas-
tics whilst allowing for a transition towards a circular economy, 
reducing fossil resource extraction, and potentially reducing environ-
mental burdens arising at end-of-life. The definition of “bioplastic” is 
generic, meaning that the term is often misleading. “Bioplastic” en-
compasses plastics which are durable and non-degradable (neat or 
partial blends) made from a biological source or plastics that are 
biodegradable (Soroudi and Jakubowicz, 2013). “Biodegradable bio-
plastics” can include biological-based biodegradable plastics, but also 
include biodegradable petrochemical plastics, such as polybutylene 
adipate terephthalate (PBAT) and polybutylene succinate (PBS) 
(Spierling et al., 2018a). 
As most bio-based plastics are created as a potential replacement for 
petrochemical plastics, an accurate comparison of the environmental 
efficiency of these different plastics via life cycle assessment (LCA) is 
crucial. To be able to benchmark bio-based plastics against petro-
chemical plastics, the “full” life cycle of the different plastics should be 
represented, which can be complex owing to potentially long 
production-use-reuse/recycling value chains. Typical system boundaries 
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for plastic value chains are represented in Fig. 1. Failure to represent the 
complete system through boundary truncation or process simplification 
can result in studies misrepresenting the true comparative environ-
mental efficiency of systems and products. The European Strategy for 
Plastics in a Circular Economy suggests that innovative materials and 
alternative feedstocks for plastic production should be developed and 
used where evidence clearly shows that they are more sustainable 
compared to petrochemical plastics (European Commission, 2018a). 
Therefore, comprehensive and appropriately designed LCA studies are 
imperative to provide clear evidence on the sustainability of bioplastics, 
and how they benchmark against conventional plastics. 
Previous LCA reviews have studied the environmental performance 
of different end-of-life options for bioplastics (Spierling et al., 2018b), 
critical aspects of LCA methodology for bio-based materials (Pawelzik 
et al., 2013), and aspects of comparative environmental efficiency be-
tween bioplastics and petrochemical plastics (Hottle et al., 2013; 
Spierling et al., 2018a; Yates and Barlow, 2013). These studies have 
identified some methodological inconsistencies among studies, 
including: limited (or even biased) selection of impact categories 
resulting in incomplete footprints; differences in goal and scope defini-
tions (including variations in choice of functional unit, system bound-
aries and allocation methods); selective evaluation of possible 
end-of-life options; and selective representation of indirect land-use 
change and accounting of biogenic carbon. This study expands upon 
previous reviews by exploring the growing collective of LCA studies that 
explicitly benchmark the environmental impacts of specific bioplastics 
against petrochemical plastics. This review critically analyses the 
methodological choices of how petrochemical and bio-based plastics are 
represented and environmentally benchmarked within studies. The aim 
of this study was to review a large segment of the literature to clarify the 
state of knowledge, identifying key gaps in studies and therefore po-
tential weaknesses in LCA results hitherto. Potential solutions to over-
come key methodological gaps and support more rigorous 
environmental assessments are suggested. 
2. Material and methods 
Life cycle assessment (LCA) is a method of quantifying the environ-
mental impacts arising over the entire value chain of a product or service 
(ISO, 2006a, 2006b). Compared with more prevalent carbon foot-
printing, a full LCA calculates the wider environmental impacts in 
relation to multiple impact categories, providing a holistic picture of the 
environmental efficiency of a product (Rebitzer et al., 2004). A critical 
aspect of LCA studies is transparency on methodological choices and 
data sources that can strongly influence results. Transparent, non-biased 
LCA results provide a rigorous quantitative assessment of the environ-
mental efficiency of products or systems, and constitute strong evidence 
to inform policy decisions (ISO, 2006b). Product systems can be ana-
lysed for improvements relating to environmental hotspots (points of 
comparatively high environmental impact) along value chains, allowing 
industry to recognise environmental and economic weaknesses within 
the product life cycle, as well as to assess the impacts of targeted miti-
gation strategies. 
In this review, the focus was on studies which benchmarked, through 
LCA, the environmental efficiency of bioplastic against conventional 
petrochemical plastic. Web of Science and Scopus were used to search 
the literature, ensuring broad coverage of pertinent studies. The search 
included variations of the following keywords: life cycle assessment, life 
Fig. 1. – A simplified schematic of a plastic value chain represented in LCA. The main processes, inputs, and outputs are displayed. Dashed lines represent flows 
specific to biodegradable plastics. The diagram also gives an indication of carbon flows throughout the system, with S representing carbon storage, and R repre-
senting the release of the carbon. 
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cycle analysis, LCA or footprint in connection with various combinations 
and variations of terms for bioplastics including: bioplastic, bio-plastic, 
biobased plastic, bio-based plastic, biopolymer, bio-polymer, biobased poly-
mer, bio-based polymer, renewable plastic, green plastic, sustainable plastic 
and biodegradable plastic. The search also included various combinations 
of common bioplastic names and their associated acronyms: thermo-
plastic starch (TPS), polylactic acid (PLA), polyhydroxyalkanoates (PHA), 
polyhydroxybutyrate (PHB), biopolyethylene (bio-PE), biopolypropylene 
(bio-PP), biopolyamide (bio-PA), biopolyethylene terephatalate (bio-PET), 
starch blend, polybutylene adipate terephthalate (PBAT), polybutylene suc-
cinate (PBS). The literature search included studies which were pub-
lished from January 2011 until November 2020. The time-related 
screening criterion was selected to reflect the state-of-art regarding LCA 
methodology, which is ever-changing over time. Only peer reviewed 
journal articles were considered within this review. From our search 
terms, all studies which actively performed LCA on at least one bio-
plastic were recorded. Further review of these recorded studies was 
completed to identify the papers which undertook an LCA of at least one 
bioplastic and at least one petrochemical plastic. From our approach, 44 
LCA papers were found to be suitable and have been reviewed by this 
study (the list of reviewed studies can be found in Supporting Infor-
mation Table S1). 
3. Results and discussion 
3.1. Impact categories 
3.1.1. Impact categories covered 
The average number of midpoint impact categories covered by the 
reviewed studies was eight (Fig. 2), with a range between 1 and 18. The 
reviewed studies cover a wide range of impact categories. In total, 42 
different midpoint impact categories were considered, with a total of 
342 impact categories included over the 44 studies (Table S2). Many of 
the different impact categories cover similar environmental aspects but 
with different names and different methods, which makes it difficult to 
compare the results between studies. However, all 44 studies included 
(some variation of) global warming potential (GWP) within their impact 
categories, with five studies only evaluating this impact category. Apart 
from GWP, the most prevalent impact categories within the reviewed 
papers included (at least one variation of): acidification potential (29 
studies); eutrophication potential (28 studies); resource depletion (26 
studies); photochemical oxidant formation (23 studies); ozone depletion 
(20 studies); ecotoxicity (19 studies); human toxicity (17 studies); par-
ticulate matter formation (17 studies); energy (16 studies); land-use (14 
studies); and water consumption (15 studies). The full break-down of 
midpoint impact categories evaluated by each study can be found in the 
Supporting Information Table S2. 
The number of impact categories each study used is closely related to 
the impact assessment method employed. The four studies that observed 
the highest number of impact categories utilised the ReCiPe Midpoint 
impact assessment methodology (Changwichan et al., 2018; Deng et al., 
2013; Rodríguez et al., 2020; Vigil et al., 2020). However, other impact 
assessments used in the studies included CML 2001, Cumulative energy 
demand, Ecoindicator 99, ILCD, IMPACT 2002+, International EPD 
System, IPCC, and TRACI. Previous works have compared the technical 
differences, benefits, and limitations of the different impact methods (e. 
g. Bueno et al., 2016; Owsianiak et al., 2014; Renou et al., 2008). 
However, 11 studies were unclear or didn’t include a standard impact 
assessment methodology within their paper, which typically reflects the 
inclusion of a limited suite of impact categories. Of the reviewed papers, 
nine studies also included endpoint impact categories (Alvarenga et al., 
2013; Changwichan et al., 2018; Durkin et al., 2019; Gironi and Pie-
monte, 2011; Lorite et al., 2017; Piemonte, 2011; Saibuatrong et al., 
2017; Tsiropoulos et al., 2015; Vigil et al., 2020). These categories 
included “resources”, “human health”, “ecosystem quality” and “climate 
change”. 
3.1.2. Pertinence of impact category selection to global environmental 
challenges 
The planetary boundaries concept, developed by Rockström (2009) 
and Steffen et al. (2015), includes nine biogeophysical boundaries which 
define a “safe operating space for humanity” with respect to the Earth 
System. These boundaries have quantitative thresholds or limits, where 
transgression risks altering the planet’s stable Holocene-like state, the 
only state known capable, with certainty, of supporting modern society 
(Steffen et al., 2015). The planetary boundaries represent thresholds of 
climate change, change in biosphere integrity (i.e. biodiversity loss and 
species extinction), stratospheric ozone depletion, ocean acidification, 
biogeochemical flows, land-system change, freshwater use, atmospheric 
aerosol loading, and the introduction of novel entities (e.g. such as 
radioactive materials, heavy metals and microplastics). The develop-
ment by Steffen et al. (2015) suggested a two-level hierarchy of 
boundaries, in which climate change and biosphere integrity should be 
recognised as “core” planetary boundaries based on their “fundamental 
importance” for the Earth System. Steffen et al. (2015) identified that 
four of the boundaries have exceeded their proposed thresholds: climate 
change, biosphere integrity, biogeochemical flows, and land-system 
change, representing the main processes which need action to return 
to the safe operating space. 
To map across the relevance of impact categories analysed by the 
Fig. 2. – The number of impact categories covered by each of the 44 studies reviewed. Below the graph is a box plot displaying the distribution of the number of 
impact categories in terms of the minimum, first quartile, median, third quartile, and maximum of the data. 
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reviewed studies to Earth System environmental priorities, this study 
paired each impact category to one planetary boundary with which it 
links most prominently (Fig. 3). It was found that many studies only 
pertained to a single planetary boundary (Fig. 3a). However, excluding 
those studies, the spread of the number of planetary boundaries covered 
per study had a relatively normal distribution, with a peak at six plan-
etary boundaries being represented (Fig. 3a). The two studies which 
were found to cover all nine planetary boundaries (Fieschi and Pretato, 
2018; Maga et al., 2019) provide a more holistic comparison on the 
environmental efficiency of bioplastics and petrochemical plastics 
across primary biogeophysical (environmental) challenges. Both studies 
followed the Product Environmental Footprint (PEF) recommendations 
(described in Section 3.2) for impact categories. A count of the number 
of studies which observed each planetary boundary found that every 
study investigated the planetary boundary of climate change (Fig. 3b). 
Although the other planetary boundaries were not so well covered, the 
exceeded planetary boundaries were typically explored except 
land-system change, which was only represented in approximately one 
quarter of the studies. 
These results are only indicative as impact categories have links to 
multiple planetary boundaries. For example, land-use impact categories 
were paired with the land-system change planetary boundary, but are 
highly relevant to the biosphere integrity boundary (Kareiva et al., 2007; 
Sala et al., 2000). Nevertheless, the relationships presented highlight the 
relevance of impact categories used to evaluate bioplastics to critical 
environmental challenges. These reveal patchy coverage of the critical 
planetary boundaries which should be integral to environmental as-
sessments. Future studies could focus more on environmental priorities 
by mapping impact category selection against global environmental 
priorities, such as those summarised in the planetary boundaries 
concept. The PEF impact assessment suite represents all planetary 
boundaries, and attempts to harmonise LCA application across Europe 
and globally (Fazio et al., 2018). Therefore, its use is strongly recom-
mended when evaluating plastics. Other studies have attempted to 
bridge the gap between LCA and planetary boundaries (e.g. Ryberg 
et al., 2018, 2016; Sala et al., 2020; Sandin et al., 2015; Vanham et al., 
2019). 
3.1.3. Plastic pollution in LCA 
The effects of plastic debris pollution (littering) into the environment 
are not included within any current LCA impact category (Sonnemann 
and Valdivia, 2017). Plastic pollution has wide-ranging and large po-
tential impacts on ecosystem quality, human health, and climate 
change. Some plastics, such as polyethylene terephthalate, polystyrene, 
and polyvinylchloride have greater densities than seawater and thus 
sink more readily to the seabed (Haegerbaeumer et al., 2019). These 
plastics can cause smothering and/or mechanical damage to benthic 
organisms and vulnerable ecosystems such as coral reefs (Hae-
gerbaeumer et al., 2019; Pawar et al., 2016). Plastic polymers are 
typically persistent and can survive for hundreds of years before being 
degraded (Thompson et al., 2004). Whilst the plastic remains in the 
environment, animals can become entangled within plastic fragments 
(Franco-Trecu et al., 2017; Gregory, 2009; Rodríguez et al., 2013) or 
ingest (Andrade et al., 2019; Clukey et al., 2017; Li et al., 2016; Poon 
et al., 2017) them, which can lead to suffocation, starvation, and death 
(Gregory, 2009; Koelmans et al., 2017; Wilcox et al., 2018). 
Fig. 3. – a) The number of planetary bound-
aries covered by each of the 44 studies 
reviewed, with each study’s observed impact 
categories linked to their most relevant plane-
tary boundary, and b) The number of studies 
which observed each planetary boundary, with 
each study’s observed impact categories linked 
to their most relevant planetary boundary. *red 
hashed columns represent the planetary 
boundaries which have exceeded the threshold 
of a safe operating space for humanity accord-
ing to Steffen et al. (2015).   
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Entanglement and/or ingestion have been documented for at least 557 
marine species (Kühn et al., 2015). 
Even when plastic fragments have degraded, microplastics can still 
cause damage to larger organisms though potential biomagnification in 
trophic interactions (Saley et al., 2019), although more research on this 
topic is required (Law and Thompson, 2014). Microplastics have been 
found to affect soil ecosystems, negatively influencing factors such as 
germination success, shoot length, earthworm weight, soil structure, 
and pH (Boots et al., 2019). Additives within plastics have the potential 
to leach into the surrounding environment, resulting in toxicity to or-
ganisms, including potential carcinogenesis and endocrine disruption in 
humans (Cole et al., 2011; Talsness et al., 2009). The hydrophobic na-
ture and large surface area-to-volume ratio of microplastics have also 
been found to concentrate persistent organic pollutants (POPs) from the 
surrounding environment, again potentially introducing toxins into the 
food chain (Li et al., 2016). Primary producers have been found to 
adsorb nanoplastic, which can hinder photosynthesis (Bhattacharya 
et al., 2010). A reduction in the photosynthesis rate can have additional 
effects of decreasing CO2 uptake, encouraging climate change. 
These plastic littering impacts are not only relevant for petrochem-
ical plastics, but also occur with non-biodegradable bioplastics, and 
even potentially with plastics which are marketed as biodegradable 
bioplastics (Emadian et al., 2017; Parker, 2019; Straub et al., 2017). 
Such effects fit within the “novel entities” category of the planetary 
boundary concept (Villarrubia-Gómez et al., 2018). 
Some LCA studies have started to consider littering within impact 
categories. Civancik-Uslu et al. (2019) developed and included the 
impact category: “Risk due to the abandonment of waste bags in marine 
environment” in their study. This impact category was created based on 
the combination of four parameters: 1) the quantity of bags required for 
the same function, based on number of bags used and the surface area; 2) 
the probability of the bags being released to the environment, based on 
the price of the bags; 3) the dispersion of the bags within the environ-
ment, based on the weight of the bag; and 4) the environmental 
persistence of the bag’s material, based on biodegradability. The prob-
ability of the bags becoming litter is assumed to be directly proportional 
to the number of bags required, while it is indirectly proportional to the 
price, weight and biodegradability. Although an interesting impact 
category to include, it has so far only been calculated as a comparative 
littering risk, and a lot more development is required to translate such a 
proxy into a mid-point impact category for LCA. Consequently, devel-
oping new impact assessment methods, or adapting existing ones, to 
represent potential environmental damage arising from plastic pollution 
should be a priority. Such development could have a large influence on 
conclusions drawn from LCA studies and is likely to have a significant 
bearing on the environmental sustainability credentials of biodegrad-
able bioplastics used to substitute petrochemical plastics. 
3.2. Additives 
Of the 44 reviewed papers, only seven explicitly included additives 
within the life cycle inventories of plastics. Additives are chemical 
compounds added to plastic polymers during the production phase to 
enhance and determine the performance, functionality, appearance, 
and/or ageing properties of the final product (Hahladakis et al., 2018). 
The most commonly used types of additives in plastics are: plasticisers, 
flame retardants, antioxidants, acid scavengers, light and heat stabil-
isers, lubricants, pigments/colorants, antistatic agents, slip agents, 
fillers, and reinforcements (Hahladakis et al., 2018). Despite the 
considerable weight that additives can contribute to plastic (e.g. some 
plasticisers can account for up to 70% of the mass (%w/w) of the plastic 
material (Hahladakis et al., 2018; Hermabessiere et al., 2017)), and the 
relatively high impacts that additives can have on the overall environ-
mental impact (Broeren et al., 2017), it is likely that additives are often 
not included within studies due to the quantities and specific substances 
used as additives being commercially-sensitive and widely neglected 
information. This represents an important gap that is typically ignored 
in LCA studies for final products that could lead to uncertain and 
misleading results (Broeren et al., 2016). 
Where additives account for a small weight of the plastics, they may 
be consciously excluded (Hahladakis et al., 2018) based on materiality 
threshold cut-off criteria, which ISO standards allow based on either 
mass, energy, or environmental significance (ISO, 2006b). For example, 
PAS 2050 allows exclusions on the basis of materiality – i.e. if an item 
contributes <1% of the anticipated total GHG emissions associated with 
the product being assessed (BSI, 2011). However, Gallagher et al. (2015) 
discovered that adopting the suggested 1% materiality threshold led to a 
cumulative omission of between 2.6 and 7.5 % of the GWP burden for a 
micro-hydropower system, indicating failure to meet the threshold of 
accounting for at least 95% of the total system impacts (BSI, 2011). 
Similar results were found for the impact categories abiotic resource 
depletion, acidification potential, and fossil resource depletion. There-
fore, future bioplastic LCA studies should explicitly include additives 
within the LCI unless there is clear evidence that they contribute less 
than 1% to mass, energy or environmental burdens. Where multiple 
additives are used, it may be necessary to further reduce this materiality 
threshold to avoid neglecting cumulatively significant environmental 
burdens. 
To reduce the methodological variability among LCA studies, there 
have been recent attempts to focus interpretation of the generic LCA 
framework provided in ISO 1400X series standards. The European PEF 
initiative (Fazio et al., 2018) aims to harmonise life cycle system 
boundary definitions, representation of common processes, and impact 
assessment categories, to support development of coherent environ-
mental footprint databases that enable reliable benchmarking and 
communication of the environmental sustainability of products (Man-
fredi et al., 2012). The current PEF guidelines contain recommended 
impact category models (Fazio et al., 2018). Of the 44 studies, only one 
study followed the PEF guidelines (Fieschi and Pretato, 2018). No cut-off 
is allowed in the PEF methodology (Manfredi et al., 2012). However, the 
question has been raised of how this methodological requirement of PEF 
could practically be followed, as it is theoretically impossible to achieve 
(Finkbeiner, 2014a). Product Environmental Footprint Category Rules 
(PEFCRs) have been developed to improve the reproducibility of specific 
product LCA studies in relation to critical parameters (European Com-
mission, 2018c). However, no PEFCR has yet been developed for bio-
plastics. It will be crucial that additives are included in any future 
PEFCRs. Another established system which develops PCRs is the Envi-
ronmental Product Declarations (EPDs), which are also lack rules for 
bioplastics (Spierling et al., 2018a). 
When included, typically only the impacts from the production of 
additives are modelled within the LCA studies, and the impacts related 
to the end-of-life are not. As previously mentioned, additives have the 
potential to leach into the surrounding environment (air, water, and 
soil) at the end-of-life, resulting in potential toxicity to organisms and 
ecosystems (Cole et al., 2011; Hermabessiere et al., 2017). The exclusion 
of end-of-life impacts of additives is an important area of research which 
needs future investigation to better understand the full potential life 
cycle impacts of additives, and at what concentration within plastics 
they are likely to exceed the 1% contribution threshold for specific 
impact categories. 
3.3. Life cycle inventories 
Inventory data sources for the studies were a mixture of primary 
data, literature, and LCI databases. For the petrochemical plastics, most 
of the production data was extracted from databases (41 studies), sup-
plemented with literature (21 studies). Nine studies included some 
primary data, collated mostly via collaborations with companies, or 
measured primary data for specific novel products being compared. For 
the bioplastic production inventories, primary data was more prevalent, 
used in 20 studies, mostly collected from actors within bioplastic supply 
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chains. However, data was still heavily augmented with extraction from 
LCI databases (36 studies) and from the literature (32 studies). One 
study was unclear on where its data was sourced from. 
Further investigation of the data used by the studies is constrained 
owing to the generic nature and lack of detailed description of many 
data sources. To indicate data clarity and reproducibility, a subjective 
rating was applied to every reviewed paper based on data availability 
and data description within the studies. The analysis showed that 25% of 
the studies were “very clear and easily reproducible”, 25% of the 
reviewed studies were “clear and moderately reproducible”, 20% of the 
studies were “unclear but somewhat reproducible”, and 30% of the 
studies were found to be “unclear and unreproducible”. It is reasonable 
that some data may not be made fully available due to its confidential 
nature with respect to the industry providing the data. However, if LCA 
studies lack transparency and cannot be replicated, their validity is 
thrown into question. In line with general good practice for LCA studies, 
it is imperative that the LCIs for plastic LCA studies are: 1) easily un-
derstandable; 2) transparent; 3) complete; 4) clear; 5) reproducible. 
3.4. Land-use and land-use change 
3.4.1. Land-use change concepts 
Land-use and land-use change are important aspects of the envi-
ronmental impacts arising from bioplastics produced from crop feed-
stocks. Accounting for land-use change emissions can drastically alter 
the conclusions of LCA studies on the environmental impact of bio-
plastics, changing the rankings of bioplastics and conventional petro-
chemical plastics (Piemonte and Gironi, 2011). Despite bioplastic crop 
feedstocks being renewable production sources, they require land that 
could otherwise serve another function, such as provision of natural 
habitats or food production. Searchinger (2008) introduced the concept 
of “carbon cost”: the accounting for the carbon storage and sequestration 
sacrificed by diverting land from existing uses. In LCA, emissions from 
two types of land-use change may be captured in the inventories for 
bio-based products: direct land-use change (dLUC), and indirect 
land-use change (iLUC). dLUC refers to a recent change in the use of land 
on which feedstocks for biobased products are produced, thus displacing 
prior land-use, e.g. the conversion of rainforests to sugarcane planta-
tions. iLUC refers to the process where the production of biobased 
feedstocks displaces prior production, without incurring a direct change 
in land use (e.g. land remains cropland), but the displaced production 
causes land-use change elsewhere, potentially via a cascade effect. Thus, 
if demand for the displaced production remains, then that displaced 
production will cause subsequent land-use change in other locations 
around the world (Schmidt et al., 2015). 
Land-use change can have considerable effects on the global carbon 
cycle, causing significant greenhouse gas emissions via disturbance of 
carbon stocks in soil and vegetation (Schulp et al., 2008). Different 
land-uses support different stocks of carbon in soils and vegetation, and 
different potential rates of carbon stock change (Schulp et al., 2008). 
Soil organic carbon (SOC) stocks under cropland are typically lower 
than SOC stocks under pasture or forest (Poeplau and Don, 2013). 
Consequently, conversion to cropland likely decreases SOC stocks. 
Similarly, forests accumulate large quantities of carbon in their biomass, 
so conversion to cropland (or grassland) will result in the loss of biomass 
carbon. Other impacts from land-use change can result from increased 
fertiliser use through intensification, thus increasing the release of 
nitrous oxide (N2O), ammonia (NH3), and nitrogen and phosphorus 
leachates, as well as fertiliser manufacturing burdens. It should be noted 
that, however, any displaced fertiliser use may also be represented by 
direct fertiliser use within life cycle inventories. 
Despite potentially large impacts, accounting for iLUC is not 
mandatory in any LCA international standard (Finkbeiner, 2014b). This 
is partly because of the difficulty in establishing iLUC effects, as they are, 
as the name infers, indirect, and may ultimately arise at the end of a long 
cascade of consequences (Lambin and Meyfroidt, 2011). Also, iLUC is 
considered to be outside the direct scope of study when applying an 
attributional LCA approach. The inclusion of iLUC fits more with the 
consequential LCA framework as iLUC is usually a market-induced effect 
(see Section 3.6). Several studies have proposed how LCA studies can 
include iLUC, e.g. Schmidt et al. (2015) and Searchinger et al. (2018). 
3.4.2. Land-use change covered by reviewed studies 
Of the reviewed studies, 14 included some form of land-use impact 
category. The impact categories covered were: “land-use”, which was 
measured as the carbon deficit (Belboom and Léonard, 2016; Fieschi and 
Pretato, 2018; Giovenzana et al., 2019), or as a relative contribution 
(Maga et al., 2019), or was included in the macro-category “Ecosystem 
Quality” (Gironi and Piemonte, 2011); “land occupation” (Changwi-
chan et al., 2018; Horowitz et al., 2018; Lorite et al., 2017; Tsiropoulos 
et al., 2015); “agricultural land occupation” (Deng et al., 2013; Rodrí-
guez et al., 2020; Vigil et al., 2020; Zhang et al., 2018); “urban land 
occupation” (Deng et al., 2013; Rodríguez et al., 2020; Vigil et al., 
2020); “Natural land transformation” (Deng et al., 2013; Rodríguez 
et al., 2020; Vigil et al., 2020); or “biodiversity loss due to land-use” 
(Alvarenga et al., 2013). 
Eight studies included emissions from dLUC within their methodol-
ogy (Alvarenga et al., 2013; Hansen et al., 2015; Kikuchi et al., 2013; 
Leejarkpai et al., 2016; Liptow and Tillman, 2012; Razza et al., 2015; 
Suwanmanee et al., 2013b; Tsiropoulos et al., 2015). Many of the studies 
(Hansen et al., 2015; Leejarkpai et al., 2016; Suwanmanee et al., 2013b) 
directly modelled their dLUC emissions from IPCC equations (IPCC, 
2006). Leejarkpai et al. (2016) calculated dLUC using primary data, 
where land-use change emissions were calculated from a combination of 
the change in soil carbon, the change of carbon stock in biomass, the 
non-CO2 emissions from burning required for crop change, and the 
emissions from managed soils (i.e. fertiliser emissions), all measured in 
kg CO2 eq. per hectare. In a similar method, an adapted IPCC Tier 1 
approach was implemented by Hansen et al. (2015) to estimate the 
release of C from land transformation calculated as the carbon difference 
before and after cultivation of the (sugarcane) crop. Other studies uti-
lised emission factors for specific land-uses (Razza et al., 2015; Tsir-
opoulos et al., 2015) or previously calculated results (Kikuchi et al., 
2013; Liptow and Tillman, 2012). The type and method of land trans-
formation varies per study. In the year of establishment, Leejarkpai 
et al. (2016) modelled that abandoned land was changed to cropland 
(corn). Kikuchi et al. (2013) estimated the land-use transformation from 
Cerrado wooded areas to sugarcane areas. Liptow and Tillman (2012) 
and Alvarenga et al. (2013) both modelled expansion of sugarcane 
plantations into pasture areas. Liptow and Tillman (2012) determined 
that, under the aforementioned situation, dLUC may have led to sub-
sequent soil carbon accumulation following initial soil carbon release. 
Therefore, they assumed that net emissions upon dLUC were zero. 
However, their study also contained a second approach, wherein the 
dLUC was modelled from a 5% sugarcane expansion directly trans-
formed from virgin areas of Brazil (Cerradao region), which resulted in a 
substantial release of GHG emissions. dLUC is associated with high 
emissions uncertainty (Razza et al., 2015), however, the likely bounds 
can be evaluated with sensitivity analysis. Razza et al. (2015) estimated 
dLUC emissions within sensitivity analysis, where “hypothetical” 
tapioca was produced in Thailand on land previously occupied by 
grassland (best-case) or rainforests (worst-case). 
Only four studies included iLUC emissions within their methodolo-
gies (Alvarenga et al., 2013; Eerhart et al., 2012; Liptow and Tillman, 
2012; Tsiropoulos et al., 2015). Tsiropoulos et al. (2015) used a range of 
emission factors taken from the literature, utilising 3 – 46 g CO2 
eq./MJethanol to produce 0.16 to 2.38 kg CO2 eq./kgbio-HDPE. Eerhart 
et al. (2012) included four scenarios of iLUC, which resulted in values of 
0, 7, 14 and 30 g CO2 eq./MJethanol. Liptow and Tillman (2012) pre-
sented two possible extremes of iLUC emission factors taken from the 
literature, using a worst-case of 46 g CO2 eq./MJethanol and a best-case 
scenario of 0 g CO2 eq./MJethanol. Alvarenga et al. (2013) considered 
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that the pasture lands displaced by sugarcane (dLUC) would be diverted 
into areas with natural vegetation, which in this study was assumed to 
be the Amazon Forest, thus causing iLUC. The study contained three 
scenarios based on the area of iLUC attributable to sugarcane cultiva-
tion, which was developed from the early models that used a 1:1 ratio 
(Searchinger et al., 2008). The study uses the iLUC ratios of 1:1, 0.13:1, 
and 0:1, where a 1:1 ratio means that for every hectare of new crop 
cultivation, one hectare of new land would be indirectly cleared. The 
required 1.88 m2 year− 1 of land occupation for 1 kg of bioethanol-based 
PVC resin (the functional unit) was divided over 20 years. iLUC was 
subsequently calculated as 0 – 1.34 kg CO2 eq. per kg PVC resin. 
3.5. Biogenic carbon accounting 
3.5.1. Biogenic carbon accounting concepts 
Bioplastics are typically produced, completely or partially, from a 
feedstock which has converted atmospheric CO2 into carbon compounds 
via photosynthesis, termed as biogenic carbon in LCA studies. Repre-
sentation of the climate forcing effect of temporarily storing this 
biogenic carbon out of the atmosphere has the potential to considerably 
alter the environmental rankings of bioplastics compared to petro-
chemical plastics. There are two main approaches in how biogenic 
carbon is modelled within LCA studies: 1) temporary carbon storage and 
2) carbon neutrality (Pawelzik et al., 2013). Carbon is sequestered by the 
feedstock, thus storing the carbon within the bioplastic for a (potentially 
considerable) length of time. It is argued that carbon storage should be 
modelled because it delays radiative forcing, and thus decreases cu-
mulative impacts (Levasseur et al., 2012). Carbon storage can also offset 
current anthropogenic carbon emissions (Pawelzik et al., 2013). Exclu-
sion of carbon storage effects causes inaccuracies in LCA modelling of 
waste management because it omits potential long-term carbon 
sequestration (e.g. within landfills or compost-amended soils) that 
would decrease the impact on global warming (Christensen et al., 2009). 
Climate neutrality is often assumed, where the carbon that is 
sequestered by the feedstock is released back into the environment in a 
closed loop with no net climate forcing effect. Some argue that biogenic 
carbon storage should be excluded from LCA, as the bioproduct (almost 
always) releases the stored carbon emissions in the future (Pawelzik 
et al., 2013). It has also been suggested that by temporarily reducing 
atmospheric CO2 concentrations, temporary carbon storage can lower 
the CO2 removal rates of other sinks, eventually leading to higher at-
mospheric concentrations and temperatures when the carbon is later 
released (Brandão et al., 2012). Further, the “carbon debt” concept 
(Fargione et al., 2008), which is prevalent in bioenergy and land-use 
change modelling, is also relevant to the end-of-life for bioplastic sys-
tems that originate from forestry feedstocks. If the initial emission of 
biogenic carbon from the bioplastic (e.g. during incineration) exceeds 
the emissions from a reference fossil system (which the bioproducts 
replace), it creates a carbon debt. The debt is paid back as the biomass 
re-grows and sequesters carbon from the atmosphere. With the contin-
uous substitution of fossil fuels, bioplastics will over time repay the 
carbon debt. Nevertheless, biogenic CO2 spends time in the atmosphere 
before being captured by biomass re-growth, which can possibly lead to 
climate change related impacts. This issue pertains more to forestry with 
long growth cycles (>40 years) rather than annual crop feedstocks 
where CO2 uptake is within one growth season, and will become more 
important if lignocellulosic biomass-derived bioplastics gain traction 
(Brodin et al., 2017). 
The calculated benefits from modelling biogenic carbon storage are 
especially sensitive to the time horizon over which the GWP is consid-
ered (see Levasseur et al., 2012). Recent groups and studies have 
developed different methodological decisions in dealing with such car-
bon emissions, often focusing on issues surround the time horizon. These 
have been covered concisely and analytically by Brandão et al. (2019). 
Some of the developed methodologies differ in the characterisation of 
climate change impacts of a given quantity of emissions. For example, 
GWP100 (ISO, 2018), which almost all LCA studies follow, is the time--
integrated radiative forcing due to an emission, relative to the emission 
of an equal mass of CO2; Global Temperature change Potential (GTP) 
(Shine et al., 2005) estimates the effect of greenhouse gas emissions on 
the average global temperature at a specified future time, relative to the 
temperature rise which the same mass of CO2 would cause; and GWPbio 
(Cherubini et al., 2011) utilises characterisation factors specific for CO2 
emissions from biomass, with the time profile of regrowth taken into 
account. Other methods relate to how to calculate the net balance of 
carbon emissions through time. Several differing methods combine cu-
mulative radiative forcing and the benefits of temporary carbon storage, 
e.g. the Moura-Costa method (Moura Costa and Wilson, 2000), the 
Lashof method (Fearnside et al., 2000), the Müller-Wenk and Brandão 
method (Müller-Wenk and Brandão, 2010), and the Clift and Brandão 
method (Clift and Brandao, 2008). Time-averaged carbon stocks as a 
method for carbon accounting has also been introduced (Kirschbaum 
et al., 2001). The Climate Tipping Potential (CTP) (Lenton et al., 2008) is 
a planetary boundary style approach based on the notion of thresholds 
in the global climate system. The climate change threshold is quantified 
as a maximum temperature increase expressed as a corresponding at-
mospheric CO2 concentration. The method then calculates the capacity 
of the atmosphere to absorb GHG emissions without exceeding the 
tipping point, and any emission is assessed against that remaining ca-
pacity (Brandão et al., 2019). Pawelzik et al. (2013) reviewed how 
different LCA guidelines recommend the accounting of biobased carbon 
storage: ADEME’s methodology for bio-based materials (BIS, 2009); the 
European Commission’s Lead Market Initiative (European Commission, 
2009); GHG Protocol Initiative (GHGP, 2011); PAS 2050 (BSI, 2011); 
and the process/material carbon footprint (Narayan, 2011). 
3.5.2. Biogenic carbon emissions covered by reviewed studies 
Below, it is discussed how the different studies covered by this re-
view have treated biogenic carbon cycling within bioplastic life cycles. 
Thirty of the reviewed studies explicitly referred to biogenic carbon 
modelling. As previously mentioned, many of these studies just treated 
the biogenic carbon as having a neutral GWP effect – i.e. assumed that 
very short term biogenic carbon storage in products and product end-of- 
life did not influence net climate forcing (Deng et al., 2013; Eerhart 
et al., 2012; Forte et al., 2016; Hottle et al., 2017; Kikuchi et al., 2013; 
Leejarkpai et al., 2016; Maga et al., 2019; Papong et al., 2014; Semba 
et al., 2018; Suwanmanee et al., 2013b; van der Harst et al., 2014; 
Zhang et al., 2018)a. It is likely that the studies that did not explicitly 
discuss biogenic carbon simply assumed no GWP effect from changes to 
biogenic carbon cycling within bioplastic value chains. 
Some studies modelled biogenic carbon uptake but did account for 
end-of-life management (i.e. cradle-to-gate) or were not clear in how 
biogenic carbon was treated at the end-of-life, potentially generating 
misleading conclusions on GWP savings from bioplastic production. 
Changwichan et al. (2018) modelled CO2 fixation via photosynthesis of 
1834, 2199, and 2046 kg per kg resin for PLA, PHA, and PBS, respec-
tively. However, this study did not fully explain how these very high 
values were derived, nor how these biogenic emissions were treated at 
the end-of-life. It is possible that the resin represented a small percent-
age of the plant biomass, and that the study related back to total biomass 
CO2 sequestration. However, as an annual crop feedstock was used, 
almost all that carbon is likely to be released back to the atmosphere 
within a short time span (e.g. via animal feed or decomposition). Simi-
larly, Unger et al. (2017) calculated the biogenic CO2 uptake from corn 
feedstock but did not provide a clear description of how the biogenic 
carbon was treated at the end-of-life. Nikolic et al. (2015) also attributed 
a Hottle et al. (2017) mostly modelled carbon neutrality. However, under 
some conditions biopolymers did not degrade and the carbon was considered 
sequestered, while in other conditions biopolymers released methane which 
resulted in net positive GHG emissions from biogenic sources. 
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credits to atmospheric carbon fixed by plants in the process of photo-
synthesis. The CO2 absorbed by corn grain through the photosynthesis 
process (1.34 kg CO2 kg− 1 corn) was subtracted from the gross life cycle 
GHG emissions captured in this cradle-to-gate study. This method treats 
any difference between initial biogenic CO2 fixation in plants and 
release of biogenic CO2 during the time horizon of the study as carbon 
storage, and was applied in other cradle-to-gate studies reviewed here 
(e.g. Mahalle et al., 2014; and Tsiropoulos et al., 2015). However, the 
time horizon over which storage is accounted for may deviate from the 
100-year time horizon pertinent to the GWP100 metric that is usually 
applied (IPCC, 2014). In the study by Liptow and Tillman (2012), 
neither biogenic CO2 uptake during cultivation nor release during the 
bioplastic life cycle were explicitly accounted for. However, in some 
sensitivity analyses, waste treatment was changed from incineration to 
landfill, and carbon sequestration was considered in the latter (see 
Fig. 1). Chen et al. (2016) applied carbon storage credits to bioplastic 
bottles on the basis that the carbon in the bio-PET bottles is potentially 
sequestered from the atmosphere long-term in a recyclable plastic 
product. Therefore, although the end-of-life stage was not included in 
the scope of the analysis, the authors found it reasonable to include 
sequestered biogenic carbon as a credit to bio-PET bottles. The credits 
ranged from 0.46 – 2.29 kg CO2 eq. per kg bottle, depending on the 
scenario. These carbon sequestration credits were critical to the better 
environmental outcome for bioplastics compared with conventional 
plastics in that study. 
Other studies implemented various approaches to represent biogenic 
carbon with varying levels of detail. Nguyen et al. (2020) included GHG 
credits for the biogenic carbon storage, taken as an average from pre-
vious studies. Patel et al. (2018) assumed 99% release of stored carbon 
for incineration and 95% release of stored carbon for biodegradation of 
films and industrial composting of trays. When presenting results for the 
production of the studied bioplastic, they considered both temporary 
storage of atmospheric carbon and long-term carbon storage in the 
compost (both treated as negative emissions). Saibuatrong et al. (2017) 
modelled photosynthetic uptake of CO2 per kg of cassava and sugarcane 
(4.94  × 10− 2 and 8.50  × 10− 1 kg CO2 per kg fresh matter, respec-
tively). End-of-life sequestration from the compost provided a CO2 
emission offset of 2.33 × 10− 3 kg per kg feedstock. In the study by 
Belboom and Léonard (2016), only the CO2 converted into starch or 
sucrose was modelled. It was assumed that the remaining carbon com-
pounds (e.g. proteins, cellulose, and lipids) would be degraded and 
emitted as CO2 to the atmosphere within one year and were therefore 
treated as GWP neutral. The amount of CO2 captured during growth was 
calculated using a sucrose content of 17% for sugar beet and a starch 
content of 62.5% for wheat. Values of captured CO2 were based on 
stoichiometric equations of photosynthesis and were modelled as 18.27 t 
ha− 1 for sugar beet and 7.9 t ha− 1 for wheat. All emissions of CO2 during 
the life cycle of the biobased polymer were considered, including 
fermentation and the end-of-life. In a sensitivity analysis, Hansen et al. 
(2015) developed material balances to consider all the possible forms of 
carbon uptake and emission over the bioplastic life cycle. Razza et al. 
(2015) modelled calculated biogenic carbon sequestration credits for 
landfill and composting disposal, leading to GWP credits. Suwanmanee 
et al. (2013a) modelled the amount of CO2 absorbed per kilogram cas-
sava and kilogram corn, and the carbon sequestered by compost. Durkin 
et al. (2019) applied a stoichiometric carbon-counting approach to 
“track” the biogenic carbon flows over the life cycle. Guo and Murphy 
(2012) and Benavides et al. (2020) utilised a carbon counting approach 
to track carbon flows during the life cycle of the bioplastic products, 
including sequestration into the product and any downstream release of 
this carbon during the subsequent processing, product use and final 
disposal stages of the life cycle. These carbon counting approaches allow 
for high levels of clarity and detail. 
Analysis of the reviewed studies shows that biogenic carbon storage 
can have a modest influence on the net GWP burden of bioplastics when 
accounted for rigorously. Studies that claim a large effect appear to have 
applied incomplete accounting to the biogenic carbon cycle. Best prac-
tise is to explicitly model biogenic carbon uptake, storage and release 
over the extended bioplastic life cycle (e.g. Benavides et al., 2020; 
Durkin et al., 2019; Guo and Murphy, 2012) – and indeed to account for 
fossil carbon over an extended life cycle for petrochemical plastics. Such 
accounting can be complex and requires careful representation of bio-
logical processes. If this is beyond the scope of an LCA study, then it is 
safer to exclude explicit biogenic carbon cycling effects such as 
longer-term sequestration, and instead treat biogenic carbon fluxes as 
GWP neutral overall (a conservative approach). The least accurate 
approach is to attribute a large (implying permanent) CO2 sequestration 
potential to bioplastics based on initial carbon uptake in the feedstock 
crops, without considering the end-of-life fate of that carbon. This 
should be avoided because most of this carbon is likely to be re-released 
into the atmosphere within a relatively short timeframe – certainly 
within the 100-year time horizon implicit in the GWP100 metric. 
3.6. End-of-life 
The waste management treatments examined for plastic end-of-life 
and methodological decisions surrounding the modelling of treatment 
processes vary among studies. Variations include different methods of 
approaching potential co-products generated at the end-of-life (e.g. 
electricity generated from incineration), through allocation of co- 
products derived from wastes, which is known to have large effects on 
the environmental burdens allocated to main products (Durkin et al., 
2019; Yates and Barlow, 2013). Simplification in how the end-of-life 
processes are represented in LCA can lead to flawed results due to the 
system not being fully represented, as well as treating the different waste 
management options as perfectly closed systems, e.g. 100% of waste sent 
for recycling with no further waste diversion. This is rarely the case, as 
recycling is seldom closed-loop (i.e. mechanical recycling transforms 
products back into their original product system), and a significant 
amount of material is rejected, where it is redirected to other waste 
management types – a percentage of which may even end up as ocean 
debris (Bishop et al., 2020). The waste management options of bio-
plastics often differ from petrochemical plastics. Whilst some bioplastics 
can enter the same waste streams as conventional plastics (e.g. bio-PET), 
many can’t be recycled alongside petrochemical plastics (within the 
current infrastructure) due to fundamental differences in their compo-
sition. However, bioplastics often have the options of composting or 
anaerobic digestion which is unavailable for typical petrochemical 
plastics. In order to ensure a good comparison between the end-of-life of 
bioplastics and petrochemical plastics, modelling requires the develop-
ment of transparent, and preferably differentiated, realistic scenarios. 
Below it is explored how the five main end-of-life waste treatment op-
tions of landfill, incineration, recycling, anaerobic digestion and com-
posting (Fig. 1) are modelled within the 34 reviewed LCA studies which 
evaluated the life cycle of the plastics from cradle-to-grave. 
3.6.1. End-of-life scenarios covered by reviewed studies 
27 of the reviewed studies modelled incineration, 22 included 
landfill, 18 included composting, 13 studies explored recycling, and 5 
modelled anaerobic digestion (Table 1). One study also included lit-
tering, as discussed in Section 3.1 (Civancik-Uslu et al., 2019), and one 
included degradation on agricultural land as an end-of-life option (Patel 
et al., 2018). 
The destinations of the end-of-life fates are modelled differently in 
almost all reviewed studies, making it difficult to compare between 
studies. Some of the LCAs explored scenarios of 100% waste directed to 
individual waste management options. Other studies modelled “hybrid” 
scenarios of waste treatment to better reflect the diverse flows of plastic 
waste, based either on current practises or future end-of-life fates. 
Several studies also included a mix of approaches, or modelled varying 
percentages of waste management contribution across multiple sce-
narios. The full breakdown of the end-of-life fate scenarios evaluated in 
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the reviewed literature can be found in Section 1.1 of the Supporting 
Information. Assuming 100% single fate provides an indicative tech-
nical potential for comparison across waste management options, but 
does not give realistic results. When the LCA objectives are to bench-
mark the environmental impacts of bioplastic against petrochemical 
plastic impacts, it is important that appropriate and realistic options are 
modelled, and that sensitivity of results to these choices is undertaken. 
3.6.2. End-of-life allocations 
Value chains for products are often long and contain stages with 
multiple output processes. Allocation is the process of “partitioning the 
input or output flows of a process or a product system between the 
product system under study and one or more other product systems” 
(ISO, 2006b). So, when a multifunctional process is linked with a process 
that only provides one functional reference flow, an allocation proced-
ure must be applied in order to partition environmental burdens among 
the co-products (materials and energy flows) ensuing from the multi-
functional process. Allocation is one of the main methodological choices 
that can potentially cause large variation and disparities in LCA results 
(Durkin et al., 2019; Yates and Barlow, 2013). 
ISO guidelines (ISO, 2006b) recommend the following hierarchy for 
decisions on allocation: 1) avoiding allocation. by disentangling the unit 
process that has been recorded as a multi-functional unit process and 
separating out into two or more mono-functional unit sub-processes, or 
through system expansion (i.e. expanding the product system to include 
additional functions related to the co-products); 2) partitioning the in-
puts and outputs of the system between its different products or func-
tions in a way that reflects the underlying physical relationships 
between them (that reflects how the inputs and outputs are changed by 
quantitative changes in the products or functions delivered by the sys-
tem); 3) the inputs are allocated between the products and functions in a 
way that reflects other relationships between them, e.g. economic value, 
mass, volume, or energy. These guidelines can be interpreted to support 
various approaches to represent the multifunctionality of end-of-life in 
waste management, which can include: second life from recycling ma-
terials; compost from composting; biogas, electricity, heat, and digestate 
from anaerobic digestion; biochar, electricity, and heat from incinera-
tion; and energy from landfill gas. 
A system expansion approach for recovery from waste management 
systems was most common in the reviewed studies, where system credits 
were calculated to represent displaced materials, e.g. electricity, heat, or 
fertiliser (Belboom and Léonard, 2016; Civancik-Uslu et al., 2019; Deng 
et al., 2013; Dilkes-Hoffman et al., 2018; Durkin et al., 2019; Gironi and 
Piemonte, 2011; Guo et al., 2013; Horowitz et al., 2018; Leejarkpai 
et al., 2016; Liptow and Tillmanm, 2012; Lorite et al., 2017; Maga et al., 
2019; Nguyen et al., 2020; Papong et al., 2014; Patel et al., 2018; Pie-
monte, 2011; Razza et al., 2015; Saibuatrong et al., 2017; Suwanmanee 
et al., 2013a; van der Harst et al., 2014). Liptow and Tillman (2012) 
treated the energy recovered slightly differently in their attributional 
approach by allocating between both the disposal of LDPE and genera-
tion of electricity functions, using the prices as partitioning bases. 
When recycling was not represented by expanding the boundaries to 
provide credits for displacing virgin materials, which is often used in 
closed-loop recycling (e.g. Maga et al., 2019; Nguyen et al., 2020), the 
cut-off approach was sometimes used (Civancik-Uslu et al., 2019; Maga 
et al., 2019), which assigns the recycling process to the next product 
Table 1 
– Waste management systems considered in the pertinent reviewed studies which covered end-of-life waste management. See Table S1 for full studies.  
Study Anaerobic 1 Digestion Composting 1 Incineration Landfill Recycling 
1 Benavides et al 2020  Y  Y  
2 Vigil et al. 2020  Y Y Y Y 
3 Rodriguez et al. 2020    Y  
4 Nguyen et al. 2020   Y Y Y 
5 Blanc et al. 2019   Y Y  
6 Civancik-Uslu et al. 2019   Y Y Y 2 
7 Durkin et al. 2019 Y     
9 Giovenzana et al. 2019   Y   
10 Maga et al. 2019   Y Y Y 
11 Changwichan et al. 2018  Y Y Y Y 
12 Choi et al. 2018   Y Y Y 2 
13 Dilkes-Hoffman et al. 2018 Y Y  Y  
14 Fieschi and Pretato 2018  Y Y 2 Y 2  
15 Gabriel et al. 2018   Y   
16 Horowitz et al. 2018    Y  
17 Patel et al. 2018  Y Y   
18 Semba et al. 2018   Y   
20 Hottle et al. 2017  Y Y Y Y 2 
21 Lorite et al. 2017  Y Y Y  
22 Saibuatrong et al. 2017  Y Y Y  
24 Belboom and Leonard 2016   Y   
27 Leejarkpai et al. 2016  Y  Y  
30 Razza et al. 2015  Y Y Y Y 2 
33 Papong et al. 2014  Y Y Y Y 3 
34 Van der Harst et al. 2014 Y Y Y  Y 
36 Deng et al. 2013  Y Y   
37 Kikuchi et al. 2013   Y   
38 Suwanmanee et al. 2013a  Y Y 2 Y 1  
40 Eerhart et al. 2012   Y   
41 Guo and Murphy 2012 Y Y 4 Y 2 Y Y 2 
42 Liptow and Tillman 2012   Y Y  
43 Gironi and Piemonte 2011  Y Y Y Y 
44 Piemonte 2011 Y Y Y  Y 
23 5 Unger et al. 2017       
1 Only included in bioplastic waste management. 
2 Only included in petrochemical plastic waste management. 
3 Chemical recycling for the bioplastic. 
4 Home composting and two industrial composting systems. 
5 Unclear in what waste management type was covered. 
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cycle. Hottle et al. (2017) included a range of approaches to recycling in 
their study, which included ‘substitution-with-equal-quality’ (a one--
for-one displacement of virgin materials via recycling), ‘sub-
stitution-with-alternative-material’ (bio-PET and bio-PE offset their 
fossil-based counterparts during recycling), and ‘sub-
stitution-with-correction-factor’ (to represent a 30% material loss dur-
ing end-of-life processing). Van der Harst et al. (2014) applied credits for 
the recycled plastic, based on avoided production of virgin material, but 
corrected according to economic values of virgin and recycled materials 
as to include the loss of quality. For open-loop recycling modelling, 
Piemonte (2011) allocated 50% of the benefits and burdens deriving 
from the recycling process between the two products (first-life and 
second-life). 
In several studies, it was unclear how allocation had occurred (e.g. 
Blanc et al., 2019; Changwichan et al., 2018; Choi et al., 2018; Fieschi 
and Pretato, 2018; Gabriel et al., 2018; Giovenzana et al., 2019; Semba 
et al., 2018; Vigil et al., 2020). Whilst allocation of end-of-life co--
products may indeed have been used in these studies, a LCA should 
clearly state all fundamental methodological decisions, so as to allow 
clarity in results (ISO, 2006a). Allocation from upstream processes can 
also affect the results, especially of bioplastics, and is further discussed 
in Section 3.8. It is clear that 100% recycling to the same quality ma-
terial (100% closed loop) is impossible, either for bioplastics or petro-
chemical plastics. End-of-life treatments should be realistic in their 
assumption to avoid biasing results. Where bioplastics and petrochem-
ical plastics being compared undergo different end-of-life treatments, 
especially where recycling into new plastic products vary, the number of 
recycling loops considered within the system boundaries could have a 
profound effect on results (van der Harst et al., 2016). Many studies lack 
rigour and transparency in this regard. 
3.7. Uncertainty analysis 
The wide range of activity data, system boundaries, modelling 
choices (e.g. allocation method) and end-of-life scenarios required for 
modelling the whole life cycle of plastics can result in large un-
certainties. Uncertainty analysis is often performed to determine how 
uncertainties in data and assumptions progress in the calculations and 
how they affect the reliability of the results of the life cycle inventory 
analysis (ISO, 2006b). ISO guidelines state that the results of uncertainty 
analysis and data quality analysis should supplement checks within the 
evaluation phase of the interpretation stage. However, out of the 44 
reviewed studies, although many studies included some form of sensi-
tivity analysis, only seven included an uncertainty analysis (Alvarenga 
et al., 2013; Deng et al., 2013; Forte et al., 2016; Nguyen et al., 2020; 
Razza et al., 2015; Rodríguez et al., 2020; Vigil et al., 2020). 
All these seven studies performed Monte Carlo analysis to propagate 
error ranges through model parameters. Nguyen et al. (2020) combined 
Monte Carlo analysis with non-parametric bootstrapping to mitigate 
error in the financial and environmental outcomes. This extra analysis 
was performed because it did not require any assumption in data dis-
tribution, or normality, and could also be used when a parametric for-
mula for uncertainty was inapplicable. Often the uncertainty of the 
parameters was estimated with a pedigree matrix to generate standard 
deviations on the inputs and outputs within each unit process of the 
study before the Monte Carlo analysis was run (Alvarenga et al., 2013; 
Rodríguez et al., 2020; Vigil et al., 2020). 
An overview of best practices of treating uncertainties in LCA can be 
found in Igos et al. (2019). ISO standards (ISO, 2006b) state that an 
analysis of results for uncertainty shall be conducted for studies intended 
to be used in comparative assertions disclosed to the public. As a high 
degree of uncertainty surrounds emerging technologies pertaining to 
bioplastic production, use, and end-of-life, uncertainty analysis should 
be included in LCA studies to generate robust comparisons and con-
clusions on the environmental sustainability of bioplastics and petro-
chemical plastics. 
3.8. Attributional and consequential LCA modelling choices 
There are two main modelling approaches for life cycle inventory 
analysis: attributional and consequential LCA modelling. Within an 
attributional LCA, the inputs and outputs are retrospectively attributed 
to the functional unit of a product system by linking and/or partitioning 
the unit processes of the system based on a normative approach (Son-
nemann and Vigon, 2011). In attributional modelling, all relevant ma-
terial and energy inputs are based on average supply data to quantify the 
environmental impacts of a specific system (Ekvall et al., 2016). Attri-
butional modelling is the most common approach used in product sys-
tem LCAs and the calculation of environmental “footprints”. The 
allocation of co-products from end-of-life wastes was discussed in Sec-
tion 3.5.2, however, further allocation can occur during the production 
phase, which is especially relevant for crop feedstock cultivation. Allo-
cation of production phase co-products was partitioned through system 
expansion (e.g. Nguyen et al., 2020), economic allocation (e.g. Belboom 
and Leonard, 2016; Changwichan et al., 2018; Deng et al., 2013; Durkin 
et al., 2019; Eerhart et al., 2012; Forte et al., 2016; Guo and Murphy, 
2012; Hansen et al., 2015; Mahalle et al., 2014; Patel et al., 2018; Razza 
et al., 2015; Rodriguez et al., 2020; Tsiropoulos et al., 2015; van der 
Harst et al., 2014), mass allocation (e.g. Belboom and Leonard, 2016; 
Chen et al., 2016; Deng et al., 2013; Durkin et al., 2019; Eerhart et al., 
2012; Gironi and Piemonte, 2011; Hottle et al., 2017; Liptow and Till-
man, 2012; Papong et al., 2014; Piemonte, 2011; Razza et al., 2015; 
Semba et al., 2018; Tsiropoulos et al., 2015), and energy allocation (e.g. 
Belboom and Leonard, 2016; Durkin et al., 2019; Giovenzana et al., 
2019; Hansen et al., 2015). 
On the other hand, consequential LCA models are prospective as they 
aim to model the consequences of future decisions. A consequential LCA 
is a system modelling approach in which activities are included in the 
product system(s) being evaluated only to the extent that they are ex-
pected to change as a consequence of a change in demand for the func-
tional unit (LCA-2.0, 2015; Sonnemann and Vigon, 2011). 
Consequential modelling subsequently uses unconstrained (or marginal) 
suppliers in the product systems that can increase (or decrease) pro-
duction if there is an increase (or decrease) in demand for a product or 
process, as well as for the products and processes which will be 
substituted in other systems (i.e. system expansion) due to additional 
production of co-products (Ekvall et al., 2016; Ekvall and Weidema, 
2004). Further, Weidema et al. (2018) emphasised the relationship of 
consequential thinking with responsibility. They stated that the “literal 
meaning of responsibility implies a focus on consequences that can be 
meaningfully acted upon and changed”. They went on to conclude that, 
“a consistent socially responsible decision-maker must always take re-
sponsibility for the activities in the consequential product life cycle”. 
Therefore, consequential LCA is arguably the pertinent methodological 
approach to assess the decisions of replacing petrochemical plastic with 
bioplastic materials. So far, consequential studies of bioplastics are not 
common. Within our reviewed literature, only two studies included 
clear consequential modelling within the life cycle inventory analysis 
(Alvarenga et al., 2013; Liptow and Tillmanm, 2012). These studies 
included iLUC (as described in Section 3.3.2), avoided allocation 
through boundary expansion, considered the marginal suppliers to 
produce the feedstocks, and marginal technologies were modelled for 
processes such as electricity production. As the development and 
deployment of bioplastics accelerates, there is a need for consequential 
LCA studies that evaluate wider environmental outcomes linked to 
realistic deployment scenarios, representing, inter-alia, plausible 
end-of-life management linked with infrastructure and consumer 
behaviour. Challenges from consequential modelling may revolve 
around the difficulties of dissemination of the consequential LCA results 
to the public and policy makers, as models are often considerably more 
complex and uncertain than attributional LCA studies. 
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4. Key recommendations 
The following criteria are recommended for comprehensive LCA 
evaluation of bioplastic sustainability, to ensure that genuine environ-
mental savings are achieved and that one set of major environmental 
impacts are not simply swapped with another set of impacts as we 
transition away from petrochemical and towards bio-based plastics:  
• Adopt a comprehensive impact assessment methodology such as PEF, 
or at least select impact categories that capture priority environ-
mental challenges (e.g. those identified in the Planetary Boundaries 
concept) in order to adequately represent environmental 
sustainability 
• There is a need to identify how plastic littering effects can be inte-
grated into existing impact categories or represented in a new impact 
category. Whilst there are many projects and researchers looking at 
the integration of plastic litter into LCA (e.g. MarILCA, 2020), full 
representation of all environmental impacts attributable to plastic 
debris within life cycle impact assessment indicators remains some 
way off. Just some of the many factors that need to be considered 
when developing a model for the environmental impacts (as dis-
cussed in FSLCI, 2020) include: the polymer type and therefore the 
persistence of the plastic; the size and shape of the plastic; the de-
gradability of the plastic related to the environment the plastic re-
sides in; the magnitude and type of chemical release into the 
environment, and the subsequent toxic effect; the risk of ingestion or 
entanglement; the redistribution between environmental compart-
ments; and wide fate uncertainty. All of which will require modelling 
of regionalised fate and transport modelling, and better under-
standing of ecological interactions. In the interim, simple reporting 
on quantities of plastic likely to accumulate in the open environment 
(based on littering rates and biodegradability) could be included 
alongside impact category results in LCA studies (e.g. Civancik-Uslu 
et al., 2019)  
• There should be more detailed and transparent reporting of LCI data 
within plastic LCA studies, and improved effort should be made in 
presenting the data of the LCA studies so that the models are: 1) 
easily understandable; 2) transparent; 3) complete; 4) clear; 5) 
reproducible  
• Additives should be included in LCIs for plastic LCA studies unless 
there is clear evidence that they contribute <1% to all impact cate-
gories. A need for more studies specifically evaluating the environ-
mental impacts of these additives was identified, especially 
surrounding end-of-life fate and impacts  
• Land use is a critical aspect of bioplastic life cycles. Significant direct 
and indirect land use change impacts should be accounted for  
• If accounting for temporary biogenic carbon storage, studies should 
do so carefully with explicit end-of-life accounting of carbon release. 
Otherwise, it is better to just adopt a simplified approach in which 
biogenic carbon cycling is treated as GWP neutral  
• End-of-life management of all plastics should be based on plausible, 
representative options appropriate to the plastic type (and infra-
structure available), with sensitivity analyses partitioning plastic 
differently across relevant fates 
• Uncertainty and sensitivity analyses should reflect major assump-
tions related to the above critical issues. Uncertainty analysis is 
especially critical when creating scenarios due to the potential 
magnitude of uncertainty the occurs when dealing with the emerging 
technologies of bioplastics  
• There is a need for application of consequential LCA to represent the 
environmental outcomes of widespread substitution of petrochem-
ical plastics with bioplastics. Shifting to more forward-looking 
consequential LCAs will be critical to more accurately capture the 
likely effects of displacing petrochemical plastics with bioplastics via 
specific scenarios of deployment. Due to the uncertainty of future 
context and decisions, establishing a suit of consequential models 
(Yang and Heijungs, 2018) may represent the most reliable way to 
approximate a “true” result. The process of developing consequential 
LCAs elucidates linkages that may otherwise be missed, and thus 
important for informing decision making around bioplastic 
deployment 
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